When surface water levels decline, exposed streambed sediments can be mobilized and washed into the water course when subjected to erosive rainfall. In this study, rainfall simulations were conducted over exposed sediments along stream banks at four distinct locations in an agriculturally dominated river basin with the objective of quantifying the potential for contaminant loading from these often overlooked runoff source areas. At each location, simulations were performed at three different sites. Nitrogen, phosphorus, sediment, fecal indicator bacteria, pathogenic bacteria, and microbial source tracking (MST) markers were examined in both prerainfall sediments and rainfall-induced runoff water. Runoff generation and sediment mobilization occurred quickly (10-150 s) after rainfall initiation. Temporal trends in runoff concentrations were highly variable within and between locations. Total runoff event loads were considered large for many pollutants considered. For instance, the maximum observed total phosphorus runoff load was on the order of 1.5 kg ha . Results also demonstrate that runoff from exposed sediments can be a source of pathogenic bacteria. Campylobacter spp. and Salmonella spp. were present in runoff from one and three locations, respectively. Ruminant MST markers were also present in runoff from two locations, one of which hosted pasturing cattle with stream access. Overall, this study demonstrated that rainfall-induced runoff from exposed streambed sediments can be an important source of surface water pollution.
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Rainfall-Induced Runoff from Exposed Streambed Sediments: An Important Source of Water Pollution S. K. Frey, N. Gottschall, G. Wilkes, D.S. Grégoire, E. Topp, K. D. M. Pintar, M. Sunohara, R. Marti, and D. R. Lapen* B ed sediments that underlie surface water features can be exposed to the atmospheric environment when water levels decline. Rainfall-induced erosional processes can then transport these exposed sediments into the adjacent surface water, which can degrade water quality. Surface water levels can decline for a wide variety of common reasons including the effects of water-flow control systems such as dams and weirs, droughts, seasonal weather conditions, and natural fluvial incision. Bed sediments can serve as reservoirs for a vast array of constituents that affect water quality (e.g., Sutherland, 2000) . The mobilized sediment is a contaminant through its association with increased suspended solids within the water column (Lenzi and Marchi, 2000; Seeger et al., 2004) . Also, bed sediments are often considered as reservoirs for phosphorus (P) accumulation. For example, Owens and Walling (2002) found sediment total phosphorus (TP) concentrations approaching 7000 mg g -1 downstream of urban and industrial areas. Svendsen and Kronvang (1993) found that the majority of annual P export was the result of resuspended particulates during storm events, and Smith et al. (2005) showed that P accumulation in bed sediments can be strongly influenced by surrounding agricultural land use. It is also well established that sediments can be reservoirs for pathogens and fecal indicator organisms like Escherichia coli. For instance, An et al. (2002) found that E. coli concentrations were higher in lake sediments than overlying water, while Badgley et al. (2011) and Droppo et al. (2009) found that sediments contained a dominant proportion of fecal indicator bacteria and pathogens relative to water. Sediment reservoirs can also influence bacteria mortality. It has been shown that the survival of E. coli and other pathogens can be greater in sediments as compared to the overlying water (Burton et al., 1987; Garzio-Hadzick et al., 2010) . Fish and Pettibone (1995) documented longer E. coli survival in microcosms containing sediment and water vs. water alone. Furthermore, exposed bed sediments, much like beaches, can be exposed to direct forms of fecal deposition by wildlife and livestock (Whitman and Nevers, 2003; Davies-Colley et al., 2004; Khan et al., 2013) .
Because of their close proximity to surface water and the characteristic stream channel shape, exposed sediments near the surface water interface typically have high water contents and slope towards the adjacent water course; as a result, they can be sensitive runoff-producing areas (Fig. 1) . At the watershed scale, attribution of landscape features that dominate delivery of surface runoff to adjacent watercourses is often difficult because runoff-producing areas can vary temporally and spatially, as per concepts associated with variable-source area hydrology (Hewlett and Hibbert, 1967) . Variable-source-area controlling factors are usually multifactorial but can consist of topographic disposition, antecedent water contents of the substrate, location to hydrological receptors, artificial drainage, and physical impediments to flow (Walter et al., 2000) . While exposed stream and river sediments can be envisioned as important sediment and contaminant source areas, they are often not accounted for explicitly as a source area in field or modeling efforts that aim to characterize rainfall-induced contaminant fluxes at the watershed scale. The high level of temporal and spatial resolution required of the input data and modeling approaches that do not typically resolve landscape processes to a fine enough level of spatial and temporal detail are a few of the constraints that preclude exposed bed sediments along stream banks from consideration in many studies (Chaplot, 2005) .
Currently, there is limited experimental documentation that describes the effect that rainfall-induced runoff from exposed stream-and riverbed sediments can have on a variety of surface water quality end points taken together, despite the recognizable potential for these source areas to be important contributors of pollutants. Previous studies have focused on resuspension of submerged streambed sediments ( Jamieson et al., 2005; Droppo et al., 2011; Pandey and Soupir, 2013) and bank erosion vs. bed sediment resuspension (McDowell and Sharpley, 2001 ), yet in many systems, short-duration rainfall events can occur without critically initiating streambed erosion and significant runoff or drainage from adjacent terrestrial systems. Accordingly, there is a need to better understand the potential of these types of rainfall events to trigger the mobilization of nutrients, sediment, and pathogens from exposed stream-and riverbed sediments along stream banks into adjacent surface water bodies.
In light of some of these information gaps, the objective of this work is to place some perspective on the influence that these sensitive runoff-producing areas can potentially have on surface water quality. The experimental methodology herein used a rainfall simulator to deliver distilled water (at a rate of 2.2 L min -1 over ~15 min) on streambed sediments exposed to the atmosphere at four different locations within an agriculturally dominant river basin. Throughout the simulated event, runoff was continuously collected and subsequently analyzed for fecal indicator bacteria (FIB), pathogens, microbial source tracking (MST) markers, nitrogen (N), phosphorus (P), dissolved organic carbon (DOC), and sediment to quantify their loading to the adjacent surface water receptors.
Materials and Methods

Study Sites
The study sites are located in the South Nation River basin in eastern Ontario, Canada. The South Nation drainage basin is generally flat and has a total area of approximately 3900 km 2 with land use dominated by agriculture. The majority of agriculture activities support dairy operations (Wilkes et al., 2009 (Wilkes et al., , 2011 . Sediments found within the stream and river channels largely consist of fine sands, silts, and clays, and the majority of the riparian zones are composed of fine sands and silt particles overlying clay (Agriculture and Agri-Food Canada, 2013) .
The sites where the rainfall simulation experiments were conducted were selected based on water sampling locations described in Wilkes et al. (2009; and Sunohara et al. (2012) . The rainfall simulation experiments were conducted at all four sites between 19 and 21 Sept. 2011, during a period when surface water levels were low and significant amounts of sediments were exposed to the atmosphere along the stream banks (Fig. 1) .
Briefly, rainfall simulation Site 5 is located along a small river of Strahler order 6 with an upstream catchment area of approximately 81 km 2 . The percentage of this catchment area under agriculture, wooded or forest, residential, and water is 81, 13, 4, and 1%, respectively. Dairy operations are present roughly 70 m and 700 m upstream of the sampling area. The site is also about 20 m downstream from a concrete bridge in a sediment depositional area. There were multiple indications of wildlife activity on the exposed sediment including Ondatra zibethicus (muskrat) tracks, bird tracks, and small rodent tracks (e.g., mouse or vole). Pigeons were also observed to be roosting under the bridge. The area has moderate tree cover but leaf litter from the trees was minimal at the time of the experiments. The slope near the water edge at the time of experiment was approximately 7°. Some sparsely spaced hydrophilic vegetation occurred on the sediment near the water's edge. These included, but were not limited to, duckweed (Lemna L.), pondweed (Potomogeton sp.), and some floating pondweed (Potamogeton natans L.).
Site 9 is located along a stream of Strahler order 6 with an upstream total catchment area of ~54 km 2 . The percentage of this catchment area under agriculture, wooded or forested, residential, and water is 77, 17, 5, and 1%, respectively. Several dairy operations, cattle barns, poultry farms, and foraging areas are located roughly 2.5 km upstream. There are two houses on either side of the stream near the simulation site. The exposed stream bank sediments were relatively smooth and bare of hydrophilic vegetation. The riparian zone was shaded by large trees (willows [Salix sp.] ), and, as such, there was sparse willow leaf litter present on the sediment surfaces where the rainfall simulation experiments were conducted. The slope of exposed stream near the water edge at the time of the experiments was about 8 degrees.
Site 10 is situated along a stream segment of Strahler order 6 (total upstream catchment area ~68 km 2 ) that pasturing beef cattle have access to for drinking water (as was observed during the experiments). The percentage of this catchment area under agriculture, wooded or forested, residential, and water is 79, 15, 6, and 1%, respectively. The exposed sediment along the stream bank was heavily disturbed by trafficking cattle. The site was not shaded by high-standing vegetation, but some hydrophilic vegetation (including reed canary grass [Phalaris arundinacea L.] and duckweed) variably covered some sections of the stream bank in and along the water's edge. Cowpats were ubiquitous along the water's edge and exposed sediment areas; some pats were fresh, while some were older, and some occurred within the rainfall simulation quadrats (as described below). The slope of the exposed streambed sediments at the time of the experiment was approximately 12 degrees.
Site 22 is located along an intermittent stream of Strahler order 1 (Sunohara et al., 2012) . The percentage of the upstream surface water catchment area under agriculture, wooded or forested, residential, and water are 98, 2, 0, and 0%, respectively. The riparian zone immediately upstream of the site was protected from pasturing livestock, which helped promote the proliferation of wildlife and helped reduce in-stream and near-stream degradation. The site was shaded by willow trees and there was considerable willow tree leaf litter on the exposed stream bank sediments (more than any other site). Vegetation in the experimental area consisted of sparse patches of grass. The slope of the exposed sediments near the water's edge was roughly 3 degrees.
Rainfall Simulation
Rainfall simulations (Topp et al., 2008 ) at each study site described above were conducted along the stream banks over exposed sediment next to the water edge ( Fig. 1) . At each site there were three simulations (called quadrats hereafter) performed. The quadrats were located within 10 m of each other along the stream bank.
The following provides a summary of the rainfall simulation and water sample collection approach. First, a metal collection funnel was firmly placed into the stream bank sediment to reduce subsurface flow and facilitate the collection of runoff (Fig. 2) . A small pit was then excavated below the funnel to collect runoff water with containers with measures taken to support the pit walls to prevent sediment slumping. The rainfall simulator (1-m wide ´ 1-m long) employed a nozzle placed at a height of 1.1 m above the center of the quadrat. The rainfall simulator assembly was then positioned and leveled to ensure an even distribution of water over the sediment surface. The water application nozzle had a diameter of 2.78 mm and was attached to an L-shaped pipe fitting that was connected inline with a pressure regulator and pressure gauge that were connected to a 25-cm 3 centrifugal pump. The pump was supplied with distilled water via a 2.54-cm exterior diameter hose (~1.91 cm interior diameter) placed in 20 L sterilized containers. Wind guards were placed around the entire simulation area. Simulated rainfall was applied to each quadrat at a rate of 2.2 L min -1 over ~15 min (~33 L total). This relatively high rate was chosen because it was estimated that it would generate runoff rapidly from the sediments, and in so doing, demonstrate the potential for these exposed sediments to be critical sources of rainfall-induced runoff pollution. This 15-min simulated rainfall amounted to a 70-yr return period precipitation event (Environment Canada, 2011) for the region of study (Ottawa, MacDonald-Cartier International Airport, 1967 .
Sediment and Water Sampling and Analysis
Sediment redox potential was measured at 3-and 5-cm depths at lower, middle, and upslope positions within each quadrat using a Jensen Model P5E hand held redox meter ( Jensen Instruments) following methods outlined in Sunohara et al. (2012) . Sediment cores (triplicates) that were ~6-cm long and ~5.3-cm diameter were extracted from immediately outside each quadrat at the time of rainfall simulation for the determination of bulk density and volumetric soil water content. Additional sediment samples, taken in triplicate, were also collected from immediately outside of each quadrat to characterize organic matter content, and particle size distribution according to Kroetsch and Wang (2008) . For the analysis of bacteria, N, P, and DNA-based MST markers (Bacteroidales) in the exposed bed sediments, triplicate sediment cores (3-cm deep by 2-cm diam.) were extracted from within each quadrat in a spatially distributed manner.
Water samples for all bacteria, including Salmonella spp., Campylobacter spp., Clostridium perfringens, and Aeromonas spp., were collected in sterile 4-L bottles. Sterile vessels (1 L and 4 L) were also used to collect samples that were used to characterize the physical and chemical properties of the runoff water, including N, P, DOC, turbidity, and total suspended solids (TSS). All runoff water and sediment samples were stored in coolers on ice immediately after collection. The samples for microbiological analyses were kept on ice until delivery to the various laboratories where the analyses were conducted. All microbiological analyses were completed within 24 h of sample collection, except for sediments designated for MST analysis, which were kept at -70°C until analysis. Samples designated for N, P, and physical property analyses were frozen at -20°C until analysis could be completed, which was within a few days of each experiment. Unfortunately, due to logistical problems related to the handling of samples from Site 10, certain water quality end points from that site are only available for two quadrats.
Total suspended solids were determined according to Standard Method 2540 D (Clesceri et al., 1998) . Dissolved organic carbon and total nitrogen (TN) of the water samples were measured using a Shimadzu (Shimadzu Corp.) TOC-Vcpn carbon analysis unit and a TNM-1 nitrogen analysis unit with a 1.5-min sparge time and 2% acid solution. However, while both TN and DOC samples were not filtered, the heavier particles and detritus were allowed to settle before extraction of the resulting supernatant for analysis. Thus TN in water was not truly total N, but is referred to as such in this paper for convenience (and the same holds true for DOC). Water sample analyses for nitrate (NO 3 -N) + nitrite (NO 2 -N) (Standard Method 4110B), ammonia (NH 3 -N) + ammonium (NH 4 -N) (Standard Method 4500-NH3) and reactive phosphorus (RP) (Standard Method 4500-P) (Clesceri et al., 1998) were conducted at the Robert O. Pickard Environmental Centre in Ottawa, ON. Total phosphorus levels in the water samples were analyzed using a Smart Spec spectrophotometer by LaMotte, (LaMotte Co.) following the ascorbic acid method and preceded by acid digestion (Standard Method 4500-P) (Clesceri et al., 1998) . Samples for TP were diluted by a factor of 10 due to the large amount of particulate matter that could prevent efficient digestion.
Sediment samples were analyzed for NO 3 -N and NH 3 -N (Methods of Soil Analysis 33-3), bicarbonate extractable phosphorus (Method 84-017), total Kjeldahl nitrogen (TKN) (Standard Method 4500-N org B) and TP (Standard Method 4500-P E) at Accutest Laboratories in Ottawa, ON, according to methods described in Sheldrick (1984) ; Clesceri et al. (1998); and Keeney and Nelson, (1982) .
Total coliform (TC), fecal coliform (FC), E. coli (EC), and fecal streptococcus (FS) concentrations of runoff water samples were determined at Accutest Laboratories in Ottawa, ON according to standard methods. All water samples were passed through a 0.45-µm pore size grid filter fitted to an absorbent pad and inoculated onto sterilized agar specific for TC (Standard Method 9222B), FC (Standard Method 9222D), EC (Standard Method 9222D) and FS (Standard Method 910B) (Clesceri et al., 1998) .
Sediment samples were analyzed for TC, FC, EC, and Enterococcus (ENT) at Agriculture and Agri-Food Canada (AAFC) laboratories in London, ON. Runoff water samples were also tested for C. perfringens (CP) and Aeromonas (AE) at the AAFC London laboratory. Sediment samples were diluted in sterile water and stomached. Serial dilutions were prepared in the same buffer and 100 mL of each dilution was membrane filtered through PALL Metricel GN-6 Grid 47-mm 0.45-um S-Pack membrane disk filters (Pall Corp.). Serial dilutions of each water sample (via runoff or via sediment-stomaching approach) were filtered, and the volume varied based on the turbidity of each sample. Filters were placed on selective media and colonies were enumerated after incubation at either 37°C (TC, ENT, and AE) or 44.5°C (EC, FC, and CP) for 18 to 20 h. All samples showing a value at the detection limit of <100 colony forming units (CFU) g wet wt.
-1 were treated as being at 100 CFU g wet wt.
-1 before being converted to CFU g dry wt.
-1 . Sediment-rich runoff water samples were tested for Campylobacter spp. (presence or absence) at the University of Guelph's Laboratory Services Division Agriculture and Food Laboratory, Guelph, ON. Based on the Health Canada MFLP-46 method for the isolation of thermophilic Campylobacter (Health Canada, 2002) , 480 to 490 g of sample was centrifuged for 20 min at 14,000 ´ g. The supernatant was discarded and the sediment was resuspended in Bolton broth to obtain a 1:10 dilution. Negative and positive (ATCC 33560) controls were inoculated in 10 mL Bolton broth. Samples were then incubated at 42°C under microaerobic conditions for 48 h. The Bolton broth (samples and controls) was then streaked onto modified Campylobacter charcoal and deoxycholate (mCCDA) agar. The mCCDA plates were incubated at 42°C under microaerobic conditions for 72 h. The plates were examined at 48 and 72 h. Suspect colonies were selected for dark-field microscopy and biochemical tests for confirmation (Mueller-Hinton blood agar plating at 42°C for 48 h under microaerobic conditions for purity and aerotolerance, oxidase, and catalase tests) and speciation (hippurate and indoxyl acetate hydrolysis) were applied. The detection limit for Campylobacter presence was in the range of 100 to 1000 CFU 100 mL -1 . Based on the USDA MLG 4.05 method for the isolation and identification of Salmonella from meat, poultry, pasteurized egg and catfish products (USDA, 2011), 480 to 490 g of sample was centrifuged for 20 min at 14,000 ´ g. The supernatant was discarded and the sediment was resuspended in buffered peptone water (BPW) to obtain a 1:10 dilution. A positive (Salmonella Vellore ATCC 15611) and negative (E. coli ATCC 25922) control were inoculated in 9 mL of BPW. Samples and controls were then incubated at 35°C for 20 to 24 h. The samples were vortexed and 0.5 mL BPW was transferred into 9 mL of tetrathionate brilliant green (TBG) broth (Oxoid Canada) and 0.1 mL was transferred into 9 mL of Rappaport Vassiliadis soya peptone (RVS) broth (Oxoid Canada). The TBG and RVS broths were incubated at 42°C for 22 to 24 h and then vortexed. Each broth was streaked onto brilliant green sulfa (BGS) agar (Oxoid Canada) and xyloselysine-tergitol-4 (XLT4) agar (Oxoid Canada) and incubated at 35°C for 18 to 24 h. Suspect colonies were selected for biochemical tests (triple sugar iron agar, lysine iron agar, Christensen's urea agar, and MacConkey agar [Oxoid Canada] in parallel), incubated at 35°C for 24 h, and examined for reactions. The BGS and XLT4 plates were incubated for an additional 18 to 24 h at 35°C and reexamined. The reported Salmonella detection limit of the method was 10 CFU 100 mL -1 . Bacteroidales fecal contamination biomarkers in the water samples were analyzed at Agriculture and Agri-Food Canada laboratories in London, ON, following methods outlined by Marti et al. (2013) . The markers HF183, BacR, Pig-2-Bac, CGOF1-Bac, and MuBa were used to detect and quantify human, ruminant, pig (Sus scrofa), Canada goose (Branta canadensis) and muskrat (Ondatra zibethicus) fecal pollution, respectively. The limits of quantification of the specific qPCR MST markers were 1.0 × 10 3 copies 100 mL -1 of filtered water. Sediments were also analyzed by Source Molecular (Miami, FL) for human, ruminant, avian, and bovine biomarkers following procedures optimized from Converse et al. (2009 ), Mieszkin et al. (2010 , Green et al. (2012) , and Shanks et al. (2008) .
Results
Sediment Quality
Stream bank sediment characteristics, including particle size distribution, water content, and redox potential are given in Table  1 . Sediments at the sites were very nearly saturated, or effectively saturated (Site 5), and therefore expected to produce runoff soon after rainfall is initiated. Redox potential measurements generally indicated reduced or oxygen-limited conditions. The sediments were dominated by silt and clay, except for site 22, which had a higher relative sand content.
Analysis of FIB, CP, and AE in the sediment indicates there was high variability within and between sites in concentrations and occurrences for these microorganisms (Table 2) . Nevertheless, these observations do indicate that there is a significant reservoir of these bacteria potentially available for runoff into adjacent watercourses. Biomarkers were not found in the sediment samples from any site (Table 3) , except Site 10, where both bovine and ruminant markers were detected. These findings are consistent with Site 10 being located within a cattle pasture where bovine fecal deposition was ubiquitous in and around the stream riparian zone. Nitrogen and P in the sediment showed relatively low NH 3 -N and NO 3 -N concentrations among all sample sites, while RP, TKN, and TP were higher and more variable among sites, with Site 10 (pasture site) sediments having the highest RP and TP concentrations (Table 4) . Conversely, Site 5 had the lowest RP and TP concentrations.
Runoff Quantity
For all sites, runoff began within 10 to 150 s after rainfall started and ended within 108 s after rainfall ceased. Overall, there were 55 to 67%, 38 to 68%, 55 to 66%, and 28 to 74% volumetric water recoveries in runoff from Sites 5, 9, 10, and 22, respectively. Of the four sites, the largest range of recovered water was from Site 22, which is speculated to be a result of the density of macropores and higher sand contents, relative to other sites. 
----------------------------CFU g −1 (dry wt.) † ----------------------------
Nitrogen, Phosphorus, Sediment, and Dissolved Organic Carbon Runoff
Total suspended sediment concentrations in runoff were roughly similar between sites and generally ranged from ~1 to 5 g L -1 (Fig. 3) . Site 10 displayed one very high runoff TSS concentration at start of the runoff event (~9 g L -1
), which was the result of some loose fragments being mobilized early on in the experiment at one quadrat; but even at site 10, concentrations reduced to the 1 to 5 g L -1 range within ~7 min of rainfall initiation. Overall, TSS concentrations in runoff water indicated that there were no systematic trends in concentrations over the rainfall simulation periods at any site. However, even after 15 min of simulated rainfall there was still potential to generate sediment erosion at all sites. Linear regressions, built to predict TSS concentrations from time (min) after start of rainfall simulation, were all insignificant at the 0.05 level, but on average, regression slopes were slightly negative (average slope of quadrat regressions for all sites was -0.05 ± 0.34). The average R 2 for quadrat TSS time after rainfall regressions for all sites was 0.30 ± 0.22. Total TSS loads for each of the simulated rainfall events are given in Fig.  4 . The maximum TSS total runoff load was observed at Site 9, where an equivalent of 1023 kg ha -1 of sediment was transported from a single quadrat. It should also be mentioned again that Site 9 is a site where vegetation within the quadrats was essentially absent and leaf litter from tree fall was sparse. Overall though, most TSS loads fluctuated between 250 and 750 kg ha ). The highest load at this site was associated with the quadrat with the least amount of leaf litter at the surface.
For TN, runoff water concentrations at Sites 5, 9, and 22 were relatively steady to slightly declining over the course of the rainfall experiments with concentrations of ~1 mg L -1 (Fig. 3) . At Site 10, TN concentrations were significantly higher with a range from ~2.5 mg L -1 to just over 10 mg L -1
, depending on the quadrat and time after start of rainfall simulation. Linear regressions predicting TN concentrations from time (min) after start of rainfall, were all insignificant at the 0.05 level except for Site 9 (Quadrat 3) and Site 22 (Quadrat 3). But on average, regression slopes were slightly negative, which supports the above contention regarding concentration declines (average slope of quadrat regressions for all sites was -0.05 ± 0.12). The average R 2 for these TN trends for all sites and quadrats was 0.60 ± 0.29. For TN, total loads for the runoff events were notably higher at Site 10 (pasture site) and ranged from roughly 0.5 to 1.7 kg ha -1 among all the site quadrats (Fig. 4) . For NO 3 -N, the concentrations were much smaller (generally <0.25 mg L -1 ), which indicates that most N in the system was likely in organic form (NH 4 -N was also low, data not shown) as might be expected in an environment with such low redox potential (Reddy et al., 1984) (Fig. 3) . Overall, NO 3 -N concentrations in runoff water were variable within and between sites with Site 10 and Site 22 exhibiting the highest and lowest concentration ranges, respectively. The overall linear regression slopes (Fig. 3) were very slightly positive suggesting site quadrat runoff concentrations tended to increase over the runoff experiments (average slope of quadrat regressions for all sites was 0.004 ± 0.01); however, only the Site 22 (Quadrat 3) regression equation was significant at the 0.05 level. The average R 2 for these NO 3 -N vs. time after start of rainfall regressions, for all sites and quadrats, was 0.40 ± 0.26. Total NO 3 -N loads for the surface runoff events were dramatically different among the sites, with Site 22 exhibiting notably lower loads than the other sites (Fig. 4) .
Reactive P concentrations in surface runoff at Sites 5, 9, and 22 were in the range of ~0.1 to 0.2 mg L -1 (Fig. 3) . In contrast, at Site 10, concentrations ranged from roughly 0.5 to just over 1 mg L -1
. One quadrat at Site 10 had concentrations that increased from ~0.6 mg L -1 at the first sampling after rainfall began, to just over 1 mg L -1 near the end of the runoff event. While no linear regressions were significant at the 0.05 level, the average of the regression slopes for all sites and quadrats was 0.004 ± 0.016 and the average R 2 was 0.36 ± 0.33. Reactive P loads were dramatically higher at Site 10 (~0.15 kg ha ), relative to the other sites (Fig. 4) .
There was more parity in the concentrations of TP, relative to RP, among sites, but concentrations were still highly variable among quadrats within individual sites (Fig. 3) . Temporal trends in TP concentrations over the course of the runoff experiments were not distinctly evident (variable trends), but concentrations did tend to average around 4 mg L -1
. No TP concentration vs. time after start of rainfall event linear regression was significant at the 0.05 level. The average regression slope for all quadrats for all sites was very modest (-0.006 ± 0.32), and average R 2 for these regressions was 0.22 ± 0.30. Total runoff event TP loads displayed significant variability within sites (Fig. 4) . Site 9 had the highest observed TP load from a single quadrat at ~1.5 kg ha -1 , and Site 22 had the lowest observed load from a single quadrat at ~0.2 kg ha -1 . Dissolved organic carbon concentrations in surface runoff generally decreased over time during the rainfall experiments (average regression slopes of all site data was -0.55 ± 0.14 and the average R 2 was 0.73 ± 0.26) (Fig. 3) ; however, no regression was significant at the 0.05 level. The highest overall DOC concentrations were observed at Site 10, where concentrations ranged from ~12 to ~23 mg L -1
. At three quadrats (one each at Sites 9, 10, and 22) there was a relatively higher DOC concentration pulse at the beginning of the runoff event. N (NH 3 -N), nitrate (NO 3 -N) , reactive phosphorus (RP), total Kjeldahl nitrogen (TKN), and total P (TP) concentrations in the exposed streambed sediments. Triplicate samples for each quadrat were pooled by site for analysis. 5  3  <10  32  2000  1000   9  1  20  44  5900  1100   10  <1  <10  151  4000  1900  22  <1  20  37  2900  1400 Dissolved organic carbon total loads for the runoff events were highest at Site 10 at ~3 kg ha -1 (Fig. 4) .
Fecal Indicator Bacteria, Bacterial Pathogens, and Microbial Source Markers in Runoff
Fecal indicator bacteria concentrations in the surface runoff generally showed a gradual decline over time at all sites (Fig.  5) ; however, only 5 out of the 33 linear regressions predicting log10 FIB concentrations from time after start of rainfall were significant at the 0.05 level. Linear regression slopes predicting log10 concentrations from time after start of rainfall, for all FIB for all site quadrats, were modestly negative, averaging -0.028 ± 0.074. The average R 2 for all FIB regressions (Fig. 5) is 0.47 ± 0.27. Among the different quadrats at each site there were often notable differences in concentrations, with Site 22 showing the largest range of quadrat concentrations for a specific site. The highest average FIB concentrations were found at Site 10 (pasture site) where concentrations of FC, EC, and FS ranged between roughly 1.0 × 10 5 to 1.0 × 10 7 CFU L -1
. Total FIB loads in surface runoff were roughly similar across sites and averaged ~1.0 × 10 10 CFU ha -1 (Fig. 6 ). The concentrations of CP (when detected), as well as AE, were respectively similar among sites, and, like the FIB, it was also found that CP and AE concentrations declined very gradually over time (Fig. 7) . Only 3 out of the 24 linear regressions predicting log10 pathogen concentrations from time after start of rainfall were significant at the 0.05 level. Linear regression slopes for all site quadrats averaged -0.017 ± 0.10 for CP (for quadrats with detections) and -0.030 ± 0.028 for AE, which supports the above contention of modest declines in runoff concentrations during the rainfall simulations. The average R 2 for CP (for quadrats with detections) and AE regressions is 0.57 ± 0.27 for CP and 0.73 ± 0.33 for AE. Aeromonas total loads were similar across sites (and quadrats within sites), averaging ~1.0 × 10 12 CFU ha
, while CP loads exhibited more within site variability on account of the consistent nondetections for some quadrats (Fig. 8) . At the transects where there was CP detected in the runoff water, total loading over the duration of the runoff was in the ~1.0 × 10 10 CFU ha -1 range (Fig. 8) .
Of the pathogenic bacteria that were analyzed on a presence or absence basis, Campylobacter was only detected at Site 10, while Salmonella was detected at Sites 5, 10, and 22 (Table 3) . Ruminant Bacteroidales biomarkers were detected in runoff water at Sites 5 (no marker detections in sediment) and 10 (marker detection in sediment) (Table 3) . No other biomarkers were detected in water samples from any other site despite high FIB concentrations in sediment and runoff. The lack of marker detection in sediment at Site 5 combined with the detection of markers in the runoff water suggests there was ruminant marker in sediments at Site 5 that was not detected.
Discussion
At four distinct locations in a river basin in eastern Ontario, Canada, this study documented that rainfall-induced runoff from exposed stream and riverbed sediments can result in the movement of a suite of nutrients, FIB, pathogenic bacteria, and DOC into adjacent surface water. Water levels in the study area at the time of study were low but not outside the range of water levels that can be experienced in the region on a seasonal basis (data not shown). Within the study region, the streamand riverbed sediments are prone to erosion (Wicklund and Richards, 1962) and are therefore a potential source of surface water pollution. Outside of seasonal water level declines, there are observations of surface water levels generally dropping in many parts of eastern North America (e.g., Watras et al., 2014) . The observations of Watras et al. (2014) combined with the results of this study highlights the importance of exposed sediments along stream banks as a source of large-scale surface water quality impairment.
As previously mentioned, bed sediments are broadly considered a reservoir of a vast array of water pollutants. Bed sediments that are exposed to the atmosphere will be subjected more directly to rainfall-induced erosion processes, deposition of fecal material by animals interacting along the shoreline (e.g., Khan et al., 2013) , and direct atmospheric deposition (Lovett, 1994) . The potential to detach and mobilize these sediments and associated pollutants directly through rainfall, relative to bed sediments that are under water, is likely greater (under a natural regime) because even modest rainfall events that do not initiate critical flow velocities in the watercourses to mobilize inundated sediments can often produce some runoff. Droppo et al. (2011) predicted, using modeling and circular-flume approaches, that the South Nation River is dominated by periods of sediment deposition, with bed sediment erosion within the main river reaches only occurring when flows exceed ~250 m 3 s -1
, which is a flow threshold that occurs less than 3% of the time along the main branch of the South Nation River (Environment Canada, 2014) . Also, when water levels are low, there is often enhanced water storage capacity in terrestrial systems, which can then limit the capacity for these areas to yield runoff, seepage, and drainage to adjacent surface water. Thus the direct attribution of agricultural or terrestrial based water pollution during periods of low surface water levels could be overestimated (e.g., via modeling) if the contribution of exposed bed sediment erosion is underestimated or not considered. Sediment, N, and P loading to surface water bodies can be of particular concern. Examples of excess nutrient-induced eutrophication and algal blooms within water bodies such as the Gulf of Mexico (e.g., Rabalais et al., 2002) and the Great Lakes (e.g., Rinta-Kanto et al., 2005) , as well as sediment impacts on aquatic life (Henley et al., 2000) , are well established in the literature. In many such circumstances, source attribution of water pollution is focused on diffuse sources associated directly with agriculture (Daniel et al., 1998; Carpenter, 2005) . In addition to agricultural sources, anthropogenically based contaminant inputs to surface water systems are inevitable and these pollutants will also accumulate in sedimentary environments ( Jarvie et al., 2005; Sharpley et al., 2013) , which highlights the fact that the burden of mitigating contaminant build up in surface water sediments falls on many stakeholders. Surface water DOC concentrations in eastern North America have been increasing with time, and this trend has been attributed to increased atmospheric deposition (Monteith et al., 2007) . Based on the results presented here, along with observations of generalized drops in surface water levels (Watras et al., 2014) , the erosion of exposed bed sediments via rainfall-induced runoff processes may be another factor that is leading to increased DOC levels in surface water.
To place perspective on the magnitude of potential contaminant loading from exposed bed sediment along stream banks, if we assume 2 m of exposed bed sediments occur along each side of all the watercourses (observationally this is not atypical for the South Nation study area) draining into Site 9 there would be ~33 ha of exposed sediment. Accordingly, the total loading of TSS, TN, RP, DOC, and TP within the Site 9 catchment area, using the maximum observed loads presented in Fig. 4 , would be ~30, 000, 8.30, 0.83, 58 , and 50 kg, respectively, for a 15-min duration ~70-yr return period rainfall. Using a similar assumption for Site 10 (i.e., 2 m of exposed bed sediments along each side of the stream reach and a 15-min duration 70-yr return period rainfall), but limiting the contaminant source area to the 745 m of stream length that exists within the pasture area, and using loads of 750, 1.75, 0.14, 3.2 and 1.0 kg ha -1 for TSS, TN, RP, DOC, and TP, respectively, runoff yields would be ~225, 0.53, 0.04, 0.96, and 0.3 kg of these respective contaminants.
The linkage between MST markers and pathogenic bacteria that was observed in this study (i.e., two of the three Salmonella detections and the single Campylobacter detection in surface water were detected at sites where ruminant MST markers were also detected) is supported by previous work within the South Nation River basin. While Wilkes et al. (2013) and Marti et al. (2013) found that correlations among FIB and pathogens and MST markers were globally inconsistent, many associations of markers with landscape features in the watershed were physically meaningful . Also, Lyautey et al. (2010) found that 90% of E. coli isolates collected from surface waters in the South Nation River basin shared genotypes with fecal isolates (the remaining 10% were presumed to be naturalized). For a tributary to the South Nation River, Frey et al. (2013) found some linkages among ruminant MST markers and the presence of waterborne pathogens, especially Salmonella spp. In the work of Wilkes et al. (2009) , it was shown that stream and river FIB concentration thresholds could delineate pathogen presence and absence, whereby, E. coli thresholds between 20 and 90 CFU 100 mL -1 were useful for predicting presence of Salmonella spp., Cryptosporidium oocysts, and Giardia cysts in water, while thresholds of ENT >71 CFU 100 mL -1 and FC >284 CFU 100 mL -1 were predictive of Campylobacter spp. presence.
The inputs of pathogens from the runoff generated from the exposed sediment along the stream bank could also present exposure risks to the public. To provide context on potential pathogen inputs to stream as derived from the runoff generated at Site 10 (the cattle pasture site), and using the assumptions employed for the nutrient load calculations, it is estimated that the loading of Aeromonas (a pathogen) would be ~3.16 × 10 11 CFU. For Campylobacter spp. and Salmonella spp., with respective detection limits of 100 CFU 100 mL -1 (the lower limit) and 10 CFU 100 mL for Campylobacter and 2.20 × 10 7 CFU ha -1 for Salmonella (assuming a constant pathogen density over entire rainfallinduced runoff event). The bacteria loading values presented here, while only estimates, do emphasize that bed sediments along stream banks exposed to rainfall-induced erosive processes could potentially present human health risks.
One factor that could potentially influence the amount of rainfall-induced runoff from exposed bed sediments along stream banks is vegetation. It is well established that vegetation can reduce runoff by increasing surface roughness and by reducing sediment exposure to rainfall via canopy interception and protective litter cover (Kort et al., 1998; Pearce et al., 1998; Keim and Schoenholtz, 1999; Lee et al., 2000) . When pasturing livestock have open access to streams, vegetation growth within and below the riparian zone is often reduced and erosion can then increase (Trimble and Mendel, 1995) . Sunohara et al. (2012) and Wilkes et al. (2013) found that modestly (3-5 m) buffering streams from pasturing cattle significantly reduced fluxes and occurrences of a variety of pathogens, FIB, and N and P water quality endpoints. In some surface water systems, overhanging trees and other types of vegetation along the riparian zone could reduce direct exposure of stream bank sediments to rainfall while also providing other ecological services such as shading and stream cooling and wildlife habitat for example (Larson and Larson, 1996; Decamps et al., 2010) . Hence, for exposed bed sediments along stream banks that usually have a high relative water saturation to begin with, reducing the amount of rainfall reaching the sediments seems a prudent erosion control practice. Furthermore, the nutrient uptake potential of vegetation cover can also reduce surface water quality degradation (Gottschall et al., 2007) .
Conclusions
This study placed some perspective on the potential impact exposed streambed sediments along banks can have on surface water quality when these sediments are subjected to rainfallinduced erosion. This work highlights that these often-overlooked source areas have the potential to supply considerable loads of inorganic and organic contaminants to surface water receptors. There were mixed results regarding how concentrations of water quality end points in runoff behave over runoff time spans; but generally, the declines that were observed were very modest, and there were many cases where increases in concentrations over the runoff events occurred. All study sites examined, irrespective of physiographical disposition, could be considered significant in terms of potential for contaminant loading. However, high loads of RP, FIB, and the presence of pathogens at the pasture site does reinforce the importance of protecting the stream and riparian zone from pasturing livestock. This study also underscores the fact that exposed streambed areas need to be more succinctly defined and studied as diffuse sources of pollution in watersheds in order to better target mitigation practices and enhance watershed water quality modeling efforts (Merritt et al., 2003; Kim et al., 2010) .
